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Abstract: Mercury (Hg) is globally recognized as a persistent chemical contaminant that accumulates
in marine biota, thus constituting an ecological hazard, as well as a health risk to seafood consumers.
Climate change-related stressors may influence the bioaccumulation, detoxification, and toxicity
of chemical contaminants, such as Hg. Yet, the potential interactions between environmental
stressors and contaminants, as well as their impacts on marine organisms and seafood safety, are still
unclear. Hence, the aim of this work was to assess the bioaccumulation of Hg and neuro-oxidative
responses on the commercial flat fish species Solea senegalensis (muscle, liver, and brain) co-exposed to
dietary Hg in its most toxic form (i.e., MeHg), seawater warming (∆T◦C = +4 ◦C), and acidification
(pCO2 = +1000 µatm, equivalent to ∆pH = −0.4 units). In general, fish liver exhibited the highest Hg
concentration, followed by brain and muscle. Warming enhanced Hg bioaccumulation, whereas
acidification decreased this element’s levels. Neuro-oxidative responses to stressors were affected by
both climate change-related stressors and Hg dietary exposure. Hazard quotient (HQ) estimations
evidenced that human exposure to Hg through the consumption of fish species may be aggravated in
tomorrow’s ocean, thus raising concerns from the seafood safety perspective.

Keywords: Solea senegalensis; mercury; bioaccumulation; warming; acidification; neuro-oxidative
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1. Introduction

Mercury (Hg) is a metal of great concern to seafood consumers and health authorities, as it
accumulates in some seafood species (e.g., References [1–3]) and has a high degree of environmental
persistence and toxicity [4]. The environmental presence of Hg can be attributed to both natural causes
(i.e., vulcanism and geothermal sources [5]) and anthropogenic activities (e.g., coal burning, mining,
cement production, oil refining, etc. [5–7]). The mechanisms of Hg speciation, transfer across biological
compartments, and bioaccumulation in marine organisms depend on species-specific factors, including
age, gender, life cycle (e.g., Reference [8]), and feeding and migratory behaviors [9]. Yet, previous
literature evidenced that such mechanisms are also strongly influenced by the surrounding abiotic
conditions (e.g., seawater temperature and pH [10,11]).

Methylmercury (MeHg; CH3Hg) is the predominant form of Hg in seafood species [2,12,13],
as well as the most stable, bioaccumulative/biomagnifiable, and toxic form (e.g., Reference [14]),
being responsible for adverse effects in humans due to its neurotoxicity, mainly neurological
alterations [11,15,16]. From an ecological perspective, increased levels of MeHg contamination
were previously associated with diminished animal resilience [17,18], reproductive success [19],
and biodiversity [20]. In line with these impacts, previous studies on marine species exposed to
MeHg reported altered molecular responses, including enhanced oxidative stress, tissue damage [21],
endocrine disruption, and genotoxicity [22]. Furthermore, since brain tissues are relatively permeable to
MeHg [23], this compound is neurotoxic, promoting negative impacts in vertebrate species cholinergic
systems, including alterations of acetylcholinesterase (AchE) activity [24,25], as well as sensory and
cognitive impairments [26].

In parallel, marine species are sensitive to changes in the surrounding abiotic conditions
(e.g., temperature, pH, oxygen, and salinity), as such alterations can affect their metabolic
processes [27,28] and physiological performance, consequently compromising their resilience to
stressors (e.g., chemical contamination) that can occur concomitantly. In this way, the projected
climate effects, including seawater warming up by +4.8 ◦C and acidification down by −0.4 pH
units [29], are expected to further push marine biota toward their thresholds of physiological tolerance,
especially in species inhabiting coastal areas, which are already naturally exposed to strong tidal
and/or seasonal variations, as well as to anthropogenic impacts [30]. Furthermore, the increased
exposure and bio-amplification of CH3Hg in marine food webs under scenarios of climate change
forcing (based on relative concentration pathways (RCP): RCP 2.6 = mitigation scenario/low emission
of greenhouse gases (GHG); RCP 8.5 = high GHG emissions), triggering changes in ocean temperatures,
pH (acidification), dissolved oxygen, and primary production, was demonstrated with modeling
work [31]. By affecting contaminants’ speciation and transfer [32,33] and altering animal metabolism
and fitness [34–36], changes to climate can negatively influence the way marine species bioaccumulate
and detoxify chemical contaminants, such as MeHg, in a climate-dominant process, defined as climate
change-induced susceptibility and sensitivity to pollutants [37]. Physiological alterations in marine
species to overcome the stress induced by these interactive stressors can then translate into dramatic
long-term implications to marine ecosystems that may compromise the sustainability of fisheries and
aquaculture sectors, as well as the safety of seafood consumers [38].

Solea senegalensis is a common estuarine flat fish in southwest Europe, with great economic
importance to both fisheries and aquaculture sectors, due to its high market value [6]. Given its benthic
behavior, S. senegalensis typically lives and interacts with the seabed of coastal waters, making this
species particularly susceptible to sediment chemical contamination [39], accumulating, for example,
polycyclic aromatic hydrocarbons from impacted areas [40]. Furthermore, by feeding on fish spawns,
crustaceans, and small benthic invertebrates [6], this species can also biomagnify chemical contaminants
through trophic transfer, particularly those that are highly persistent and have lipophilic behavior, such
as MeHg. These ecological features and the great economic importance make S. senegalensis an ideal
biological model to study not only the effects of abiotic variables on tissue bioaccumulation/elimination
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and ecotoxicological responses to Hg exposure, but also the effects of climate change-related stressors
on seafood safety.

In this context, this work aimed to assess the bioaccumulation and elimination mechanisms
of Hg, as well as the neuro-oxidative responses in juvenile S. senegalensis (muscle, liver, and brain
tissues) exposed to the interactive effects of dietary MeHg, seawater warming (∆T ◦C = +4 ◦C), and
acidification (pCO2 = +1000 µatm, equivalent to ∆pH = −0.4 pH units). The potential risks associated
with the consumption of Hg-contaminated seafood under the abiotic conditions expected to prevail in
the future were also estimated.

2. Materials and Methods

2.1. Experimental Feeds

Two experimental feeds (one control non-contaminated, i.e., non-CONT feed, and one Hg feed,
i.e., CONT feed) were produced by the company SPAROS Lda. Both feeds had similar proximate
chemical composition (according to the nutritional requirements of juvenile sole) and were produced
following the methodology previously described in detail [26]. Mercury enrichment in CONT feed was
performed by solubilizing MeHg(II) chloride form (CH3ClHg, 99.8% Sigma-Aldrich) in a small volume
of ethanol (5 mL), and that solution was then added to feed oils before pellet extrusion. The final Hg
concentration in CONT feed was 8.51 ± 0.15 mg·kg−1 (dry weight, DW), whereas, in non-CONT feed,
Hg concentration was 0.08 ± 0.02 mg·kg−1 DW (due to its natural presence in fish oils used during feed
preparation). Hg final concentrations in both experimental feeds were considered environmentally
representative of levels usually found in natural preys of juvenile S. senegalensis inhabiting contaminated
coastal areas [20].

2.2. Organisms and Acclimation

The experiment took place at Laboratório Marítimo da Guia (LMG) (Cascais, Portugal) in a
recirculation aquaculture system (RAS) equipped with seawater chiller systems (±0.1 ◦C, Frimar,
Fernando Ribeiro, Lda., Portugal) connected to thermostat heaters (V2Therm, TMC Iberia, Portugal),
pH control (automatically adjusted with a Profilux® controlling system linked to individual pH
probes; GHL, Kaiserslautern, Germany), protein skimmers (Reef SkimPro 450, TMC Iberia, Portugal),
ultraviolet (UV) disinfection (Vector 120 nano, TMC Iberia, Portugal), biological filtration (FSBF 1500F,
TMC Iberia, Portugal), and chemical filtration (active charcoal).

Juvenile (and sexually undifferentiated) S. senegalensis specimens (n = 200; total length =

8.73 ± 0.89 cm; weight = 7.63 ± 2.08 g), reared at Portuguese Institute of Sea and Atmosphere (IPMA)
aquaculture facilities (Olhão, Portugal), were transported in isolated containers with constant aeration
to LMG, where they were randomly and equitably distributed in 24 tanks. Specimens were acclimated
for 15 days, under the following conditions: temperature = 19 ◦C, pH = 8.0, salinity = 35%�, dissolved
oxygen >6 mg·L−1, and a 14-h/10-h light/dark photoperiod. Five days before initiating the exposure to
the three studied stressors, seawater temperature and pH were slowly adjusted in tanks simulating
climate change effects (increase by 1 ◦C and decrease by 0.1 pH units, per day, respectively) until
reaching the experimental levels defined. Water abiotic parameters were daily monitored, using a
multiparameter device (Multi 3420 SET G, WTW, Oberbayern, Germany), and adjusted whenever
needed. Every two days, water exchange of about 10% (total water volume) was performed to maintain
water quality. Ammonia, nitrite, and nitrate levels were monitored in each tank on a weekly basis
using colorimetric test kits from Aquamerck®. Ammonia and nitrite values were kept below detection,
whereas nitrates were kept below 2.0 mg·L−1.

2.3. Experimental Design

Eight treatments (four non-contaminated and four contaminated treatments) were conducted
(three tank replicates per treatment), where fish were daily fed (~1.5% of their body weight) with
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a non-contaminated feed (non-CONT) or with a contaminated (MeHg-enriched) feed (CONT; Hg),
respectively. Additionally, two temperature and pH levels were simulated, in a full cross-factorial
experimental design, i.e., T1 = 19 ◦C and T2 = 23 ◦C, corresponding to the optimal S. senegalensis
rearing temperature and +4 ◦C of seawater warming (W), respectively (scenario RPC8.5 [29]), and
pH1 = 8.0 units and pH2 = 7.6 units, corresponding to the optimal S. senegalensis rearing pH and
−0.4 pH level of seawater acidification (A), respectively (scenario RPC8.5 [29]). In this way, the
eight treatments were defined as follows: (i) non-CONT; (ii) non-CONT + A; (iii) non-CONT + W;
(iv) non-CONT + A + W; (v) CONT; (vi) CONT + A; (vii) CONT + W; (viii) CONT + A + W. After
28 days of exposure to the conditions mentioned above, an additional seven days of MeHg clearance
phase was also carried out, by feeding all specimens (including those from CONT treatments) with
non-CONT feed. As oxygen limitation is one of the fundamental mechanisms determining the
biological responses of fish to environmental changes, especially increases in seawater temperature [41],
the average concentration for dissolved oxygen during the experiment was 7.29 ± 0.02 mg·L−1 and 6.91
± 0.02 mg·L−1 for T1 = 19 ◦C and T2 = 23 ◦C, respectively.

2.4. Sampling

To assess Hg bioaccumulation and elimination in fish tissue, two fish from each replicate non-CONT
condition (i.e., seawater temperature set for 19 ◦C and pH for 8.0), as well as from all CONT treatments,
were collected on days 0, 14, 28 (exposure), and 35 (elimination). To assess the neuro-oxidative
responses to the interactive effects of Hg dietary exposure, warming, and acidification, three fish
from each treatment (i.e., including all non-CONT and CONT cross-factorial scenarios) were collected
on day 28 (i.e., maximum Hg exposure). After being anesthetized with tricaine methanesulfonate
(MS222, 200 mg·L−1; Sigma-Aldrich, MO, USA), buffered with sodium bicarbonate (1 g of NaHCO3,
1 g of MS222, and 1 L of seawater), specimens were sacrificed by cervical dissection, following the
legal regulations (EU Directive 2010/63) and the procedures approved by the Ethical Committee of the
Faculty of Sciences of Lisbon University. Euthanized fish were measured, and tissues were dissected
(i.e., muscle, liver, and brain collected). For Hg quantification, tissue samples were immediately frozen
at −80 ◦C, freeze-dried at −50 ◦C, 10−1 atm for 48 h (Heto Power Dry LL3000; Thermo Fisher Scientific,
Tehovec-Mukarov, Czech Republic), homogenized, and maintained at −80 ◦C until further analysis.
For the analysis of neuro-oxidative biomarkers, fish tissues were homogenized with a tissue grinder
(Ultra-Turrax, Ika, Staufen, Germany) in ice-cold conditions in order to prevent changes in protein and
enzyme activities. A volume of 2 mL of 50 mM saline phosphate buffer (PBS, pH 7.4) was used for
muscle and liver homogenization and 500 µL was used for brain. Tissue homogenate extracts were
then centrifuged (10,000× g for 15 min at 4 ◦C), and the supernatant fraction was collected and divided
in three microtubes to avoid losses in enzyme activity in the freeze–thaw step [42]. These microtubes
were immediately stored and kept at −80 ◦C until further analysis.

2.5. Total Hg and MeHg Determination

Total mercury (THg) extraction from samples (fish tissues and feed, n = 3), as well as methylmercury
(MeHg), was performed according to the methodologies previously described [25,26,43]. Both THg
and MeHg concentrations were determined by atomic absorption spectrometry, using an automatic
Hg analyzer (Leco apparatus AMA 254, LECO, St. Joseph, MI, USA). The detection limit of the
methodology was 0.005 mg·kg−1. Results were obtained in mg·kg−1 DW and subsequently converted
to wet weight basis according to sample moisture contents. To avoid contamination, all laboratory
material was cleaned beforehand with nitric acid (20% v/v for 24 h) and then rinsed with ultrapure
water. All analyses were performed in triplicate and using reagents of pro analysis grade or higher.
Certified reference materials (DORM-4 and TORT-4, National Research Council of Canada, Canada)
were used to check accuracy. Results obtained (n = 6) in the present study for THg (DORM-4:
0.410 ± 0.055 mg·kg−1; TORT-4: 0.27 ± 0.06 mg·kg−1) and for MeHg (0.152 ± 0.013 mg·kg−1) were
within the range of certified values.
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2.6. Biochemical Analysis

To assess protein content, the Bradford assay [44] was performed in a 96-well flat-bottom plate to
quantify soluble protein. Briefly, 190 µL of Bradford reagent (Comassie Blue G-250 in methanol, H3PO4,
and ultrapure water) was added to each well along with 10 µL of each sample extract or standards.
The absorption was read at 595 nm (microplate reader; BioRad, Benchmark, Los Alamitos, CA, USA)
indicating protein-binding to Coomassie Brilliant Blue G-250. A calibration curve was constructed
using bovine serum albumin as protein standard (0–2 mg·mL−1 BSA, Sigma, Saint Louis, MO, USA).

Acetylcholinesterase (AchE) activity was determined with a modified method initially proposed
by Ellman et al. [45] and adapted to 96-well plates [46]. Briefly, 25 µL of brain extract or assay
buffer (for blanks) was added to two microplate wells, and then 250 µL of an acetylthiocholine fresh
reaction mixture (50 mM phosphate buffer 8.0, 75 mM acetylthiocholine iodide solution and 1.0 mM
5,5′-dithiobis (2-nitrobenzoic acid)) was added into each microplate well. The microplate was gently
shaken for 30 s and the absorbance was read (415 nm) every minute for 10 min. AchE activity was
expressed as nmol·min−1

·mg−1 protein (after normalization using samples’ crude protein content).
Catalase (CAT) activity was assessed using a method adapted from Johansson and Borg [47],

which measures the rate of removal of H2O2. Briefly, 20 µL of sample extract, 100 µL of assay buffer
(100 mM KH2PO4, pH 7.0), 30 µL of methanol, and 20 µL of H2O2 (as substrate) were shaken in
darkness for 20 min at ambient temperature. Then, 30 µL of 10 M KOH and 30 µL of 34.2 M Purpald
(prepared in 0.5 M KCl) were added and incubated for 10 min in the same conditions. To finalize
the reaction, 10 µL of 65.2 mM potassium periodate (prepared in 0.5 M KOH) was added, and the
absorbance was read at 540 nm wavelength. A blank and a positive control were performed in each
sample batch in order to validate the method. Eight standards from 4.25 mM formaldehyde were
prepared with concentrations ranging from 0–100 µM to perform a calibration curve. Formaldehyde
concentration in the sample was determined using the equation obtained from linear regression of
the standard curve, formaldehyde (µM) = ((sample absorbance − y intercept)/slope) × (0.17/0.02),
where 0.17 corresponds to the extinction coefficient and 0.02 corresponds to the total volume in each
well plate. Then, CAT activity was calculated assuming that one unit is the amount of enzyme that
causes the formation of 1.0 nmol of formaldehyde per minute. Thus, CAT activity was expressed in
nmol·min−1

·mg−1 protein = (µM of sample/20 min) × sample dilution × protein content.
Superoxide dismutase (SOD) activity was determined using a spectrophotometric method

described in detail elsewhere [48]. Briefly, to each microplate well, 10 µL of sample or SOD standard
(Sigma-Aldrich, Germany) and a mixture of 200 µL of 50 mM phosphate buffer (pH 7.4), 10 µL of 3 mM
xanthine, 10 µL of 0.75 mM nitroblue tetrazolium (NBT), and 10 µL of 100 mU xanthine oxidase solution
(XOD) were added. A negative control (without sample or SOD standard) was also assayed. Sample
absorbance was read at 540 nm every minute for 15 min. SOD activity was expressed as inhibition
percentage (% SOD inhibition) calculated with the following formula: (Abs·min−1 of negative control
− Abs·min−1 of sample)/(Abs·min−1 of negative control) × 100.

To assess lipid peroxidation (LPO), a procedure was adapted according to the thiobarbituric
acid reactive species (TBARS) principle [49]. In a 2-mL microtube, 20 µL of each sample aliquot was
added to 30 µL of phosphate buffer (50 mM, pH = 7.4), followed by 12.5 µL of sodium dodecyl sulfate
as tensioactive (8.1%), 93.5 µL of trichloroacetic acid (20%, pH = 3.5), 93.5 µL of thiobarbituric acid
(1%), and 50.5 µL of Milli-Q grade ultrapure water. The mixture was vortexed for 20 s and microtube
lids were punctured with a needle and then incubated in boiled water. Ten minutes later, samples
were cooled in ice and 62.5 µL of ultra-pure water were added. Then the mixture was centrifuged at
10,500× g for 5 min; 150 µL from each reaction was transferred, in duplicate, into a 96-well microplate
and the absorbance was read at 540 nm. In order to quantify lipid peroxides, a calibration curve
(0–0.3 µM malondialdehyde, Merck, Darmstadt, Germany) and blanks were performed using the same
sample procedure. The results were expressed in relation to samples’ protein content (nmol·mg−1

protein).
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2.7. Data Analysis

Fulton’s condition index (K) was determined from the biometric data, according to the following
formula [50]:

K = 100 (W/L3), (1)

where W is the animal weight (g) and L is the total length (cm). Mercury net accumulation rates
(NAR; mg·kg−1

·day−1) for each tissue and treatment were determined after 14 and 28 days of exposure,
as follows [51]:

NARt = ([THgt] tissue/t), (2)

where [THgt] is the average total Hg concentration in fish tissue after 14 and 28 days of exposure. The
THg elimination factor (EF) after seven days of elimination (i.e., at day 35 of the trial) was calculated
according to the following formula:

EF (%) = 100 − ((CDay35/CDay28) × 100), (3)

where CDay35 is the average concentration (mg·kg−1 wet weight (ww)) in the fish tissue from each
contaminated treatment at day 35 (elimination phase), and CDay28 is the average concentration
(mg·kg−1 ww) in the fish tissue at the end of the exposure period [52]. Considering that, after seven
days of elimination, EF values were approximately or below zero in the brain and muscle, only the EF
values obtained in the liver were considered in data analysis.

The percentage of Hg tolerable weekly intake (TWI) achieved with the consumption of
contaminated fish species was estimated under the present and future climate conditions, using
the empirical data acquired in the present study, as well as data reported in previous studies using
two ecologically distinct pelagic species (Argyrososmus regius [25] and Dicentrachus labrax [43]). To do
so, the TWI value of 4 µg·kg−1 body weight (bw) [4] was used, and a weekly consumption of
150 g of fish by adults with an average body weight, bw, of 70 kg [4] was considered. Values
were presented as percentage change in the contribution of Hg TWI (%) accomplished with the
consumption of contaminated fish (muscle) reared under climate change effects in relation to normal T
and pH conditions.

The hazard quotient (HQ) is frequently used to calculate the risk of a certain population to the
exposure of a particular contaminant. To this purpose, values were determined according to the
following equation [53]:

HQ = (EF × ED × FIR × C)/(RfD ×WAB × TA) × 10−3, (4)

where EF denotes exposure frequency (365 days/year), ED is the exposure duration (70 years),
FIR is the fish ingestion rate (seafood: 61.55 g/capita/day [54]), C is Hg concentration in seafood
(µg·g−1, determined or predicted, according to the scenarios), RfD is the oral reference dose (5 × 10−4

µg·g−1
·day−1 for Hg [53]), WAB is the average body weight (70 kg), and TA is the average exposure

time for non-carcinogens (365 days × ED). HQ values <1 imply that the exposed population is unlikely
to experience obvious adverse effects, while HQ >1 mean that the possibility of harmful effects to
human health cannot be excluded [53]. The HQ baseline reference was calculated according to Hg
concentrations registered for both demersal (sole [55], flounder and mullet [2], halibut [56], Atlantic
cod [57], and herring [58]) and pelagic wild species (meagre [59], seabass [60], black scabbard fish [12],
bluefin tuna [3], fresh tuna, tope-shark [61], and Atlantic mackerel [62]). This baseline was compared
with the estimated HQ under climate change scenarios (warming, acidification, and both warming and
acidification) for demersal species, assessed according to the percentage variation for each scenario in S.
senegalensis (this study). For pelagic species, the variation encountered for A. regius was considered [25].

Statistical analysis was conducted at a significance level of 0.05, using the STATISTICA data
analysis software system (version 8.0., StatSoft, Inc., 2007, Tulsa, OK, USA). All data were checked for
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normality (Kolmogorov–Smirnov test) and homogeneity of variances (Levene’s test) and transformed
when needed to comply with ANOVA assumptions. To evaluate the effects of seawater temperature
and pH level on Hg levels and NAR in tissues, after 28 days of exposure, a two-way ANOVA was
employed. For biomarker data, differences between treatments were analyzed (for both non-CONT and
CONT for each tissue) by one-way analysis of variance (ANOVA), and the Tukey honestly significant
difference (HSD) post hoc test was used for multiple comparisons. For each condition (temperature
and pH), differences between non-CONT and CONT scenarios were evaluated by Student’s t-test.
Finally, Pearson correlation coefficients (r) between biometric data, NAR and biometric data, Hg levels
and biometric data, and Hg levels and biomarkers were also calculated.

3. Results

3.1. Mercury Bioaccumulation and Tissue Partioning

In the beginning of the experiment (day 0), significantly lower THg concentration (p < 0.012) was
detected in brain (0.04 ± 0.01 mg·kg−1 ww) than those found in liver (0.07 ± 0.01 mg·kg−1 ww; p = 0.012)
and muscle (0.09 ± 0.01 mg·kg−1 ww; p = 0.002) (Table S1, Supplementary Materials). After 28 days, fish
from the non-contaminated (non-CONT) treatment exhibited significantly higher THg concentrations
in the muscle (0.12 ± 0.01 mg·kg−1 ww; p = 0.003), compared to the initial day (Table S1, Supplementary
Materials). THg concentrations in S. senegalensis tissues in CONT treatments throughout the experiment
are presented in Figure 1.
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Figure 1. Total mercury (THg) concentrations (mg·kg−1 wet weight (ww)) in muscle (a), liver (b), and
brain (c) of juvenile Solea senegalensis (mean ± standard deviation) fed with Hg-enriched diet in each
treatment during the exposure (on days 0, 14, and 28) and elimination (day 35) periods. Abbreviations:
CONT—animals fed with Hg-contaminated diet, seawater temperature set at 19 ◦C, and pH set at 8.0
units.; CONT + A—animals fed with Hg-contaminated diet, seawater temperature set at 19 ◦C, and
pH set at 7.6 units; CONT + W—animals fed with Hg-contaminated diet, seawater temperature set at
23 ◦C, and pH set at 8.0 units; CONT + A + W—animals fed with Hg-contaminated diet, seawater
temperature set at 23 ◦C, and pH set at 7.6 units. Gray lines indicate temperature set at 23 ◦C (warming
(W)), whereas continuous lines indicate pH set at 8.0 units, and discontinuous lines indicate pH set at
7.6 units (acidification (A)). Different letters for each sampling day represent significant differences
(p < 0.05) between treatments.

In general, the liver exhibited higher Hg concentrations (ranging from 2.52 to 4.29 mg·kg−1

ww), followed by brain (ranging from 0.97 to 1.57 mg·kg−1 ww) and muscle (ranging from 0.83 to
2.14 mg·kg−1 ww), regardless of treatment (Figure 1).

Acidification (i.e., CONT + A treatment) significantly decreased Hg concentrations in muscle (47%
decrease; p = 0.0001), liver (29% decrease; p = 0.0001), and brain (16% decrease; p = 0.03) compared
to Hg exposure alone (i.e., CONT treatment). In opposition, warming (i.e., treatment CONT + W)
significantly increased Hg concentrations in all fish tissues (p < 0.001; 36%, 19%, and 35% in muscle,
liver, and brain, respectively; see Figure 1). Matching these results, Hg net accumulation rate (NAR)
significantly varied among tissues and treatments (Table 1).

Liver presented the highest Hg NARs, regardless of treatment (ranging between 87.6 and
150.6 mg·day−1), whereas lower NARs were found in the muscle (26.5 mg·day−1) and brain
(73.3 mg·day−1; Table 1). In fish muscle, Hg NARs were significantly enhanced by the combination
of warming and acidification (treatment CONT + A + W; p < 0.05), as well as by warming, but they
significantly decreased with acidification. In contrast, NARs in fish brain and liver were significantly
affected by warming or acidification alone (i.e., in liver, CONT treatment significantly increased upon
warming, p = 0.0002, and decreased upon acidification, p = 0.001), but not by the combination of
warming and acidification (i.e., in brain, CONT treatment significantly increased upon warming alone,
p = 0.0003, but not upon the interaction between these two abiotic stressors or acidification alone).
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Table 1. Net accumulation rates (NAR, µg·day−1 at the end of exposure, i.e., day 28) in fish muscle,
liver, and brain, as well as elimination factor (EF, as a percentage, at clearance) in the liver.

Tissue Treatment NAR during Exposure EF during Clearance

Muscle

CONT 53.1 ± 5.8 b
≤0

CONT + A 26.5 ± 3.6 a
≤0

CONT + W 73.3 ± 6.3 c
≤0

CONT + A + W 68.0 ± 2.5 c
≤0

Liver

CONT 124.4 ± 8.4 b 44.0 ± 1.2 b

CONT + A 87.6 ± 4.4 a 56.8 ± 1.9 c

CONT + W 150.6 ± 5.5 c 19.6 ± 4.3 a

CONT + A + W 118.7 ± 4.4 b 39.7 ± 4.7 b

Brain

CONT 40.4 ± 3.3 a
≤0

CONT + A 33.6 ± 2.9 a
≤0

CONT + W 54.9 ± 5.0 b
≤0

CONT + A + W 34.3 ± 3.8 a
≤0

Abbreviations: CONT—animals fed with Hg-contaminated diet, seawater temperature set at 19 ◦C, and pH set at
8.0 units.; CONT + A—animals fed with Hg-contaminated diet, seawater temperature set at 19 ◦C, and pH set at
7.6 units; CONT + W—animals fed with Hg-contaminated diet, seawater temperature set at 23 ◦C, and pH set at
8.0 units; CONT + A + W—animals fed with Hg-contaminated diet, seawater temperature set at 23 ◦C, and pH set
at 7.6 units. Different letters within a column represent significant differences (p < 0.05) between treatments for the
same tissue.

During the seven days of the Hg clearance period (i.e., day 35), different elimination patterns were
observed in the three tissues (Figure 1). Hg contents varied between 1.1 and 2.2 mg·kg−1 ww, 1.1 and
3.4 mg·kg−1 ww, and 0.7 and 1.7 mg·kg−1 ww in the muscle, liver, and brain, respectively. During this
phase, Hg concentrations remained higher in the treatment simulating warming alone (i.e., CONT + W),
whereas the lowest values were found in fish exposed to acidification alone (CONT + A), regardless of
tissue. These results translated into Hg elimination percentages between 19.6% (CONT + W treatment)
and 56.8% (CONT + A treatment) in fish liver, whereas Hg elimination was extremely low (close to 0%)
in muscle and brain (Table 1).

3.2. Climate Change-Related Stressors and Potential Impacts on Seafood Safety

Considering that Hg content and bioavailability in seafood may alter in a climate change context,
the risk of dietary exposure to Hg through the consumption of S. senegalensis (present data), as well as
of two other commercial fish species assessed in previous studies (meagre A. regius [25] and seabass
D. labrax [43]), was evaluated (Table 2).

Table 2. Percentage change (in relation to normal temperature and pH conditions) in the contribution of
Hg tolerable weekly intake (TWI) (%) accomplished with the consumption of 150 g of three contaminated
fish species (muscle) reared under climate change effects.

Exposure S. senegalensis 1 Argyrososmus regius 2 Dicentrachus labrax 3

High Hg contamination +
acidification exposure −47.3% 0% n.d.

High Hg contamination + warming
exposure 35.9% 40% 20.6%

High Hg contamination +
acidification and warming exposure 26.4% 0% n.d.

1 Present study; 2 calculation performed according to data provided by Sampaio et al. [25] and transformed to wet
weight; 3 calculations performed according to data provided by Maulvault et al. [43]; n.d.: not determined.

The consumption of seafood in an ocean warming context (alone or combined with acidification)
led to a higher Hg exposure in sole (36% increase), meagre (40% increase), and seabass (21% increase;
Table 2). The hazard quotient (HQ) was also calculated in order to assess the potential hazards posed
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by the ingestion of Hg contaminated seafood harvested in Europe in a climate change context [63].
As such, in the present study, HQs were estimated for various wild fish species of commercial relevance
in Europe, accounting for Hg levels reported in literature (in field/environmental monitoring studies),
as well as integrating the changes in Hg bioaccumulation expected to occur under warming and
acidification conditions (based on the present findings) (Table 3).

Table 3. Mercury average concentrations (Hg, µg·g−1 ww) of demersal and pelagic species found
in literature in the European region, their actual hazard quotient (HQ; baseline reference), and HQ
estimations under climate change predicted scenarios.

Species Hg (µg·g−1 ww) Reference Hazard Quotient (HQ)

Actual W 1 A 2 W + A 3

Demersal 4

Sole 0.15 [55] 0.31 0.42 0.16 0.39
Flounder 0.18 6 [2] 0.37 0.50 0.19 0.47

Mullet 0.04 6 [2] 0.07 0.10 0.04 0.09
Halibut 0.32 [56] 0.66 0.89 0.34 0.83

Atlantic cod 0.20 [57] 0.41 0.56 0.21 0.52
Herring 0.04 [58] 0.09 0.12 0.05 0.11

Pelagic 5

Meagre 0.12 6 [59] 0.24 0.33 0.24 0.24
Seabass 0.04 [60] 0.08 0.11 0.08 0.08

Black scabbard fish 0.9 [12] 1.85 2.59 1.85 1.85
Bluefin tuna 1.68 [3] 3.45 4.83 3.45 3.45
Fresh tuna 0.94 [61] 1.92 2.69 1.92 1.92
Tope shark 1.13 [61] 2.31 3.24 2.31 2.31

Atlantic mackerel 0.04 [62] 0.09 0.12 0.09 0.09
1 HQ estimated under a warming scenario. 2 HQ estimated under an acidified scenario. 3 HQ estimated under a
combined warming and acidified scenario. 4 HQ calculations for demersal fish were based on the variations in Hg
in muscle of S. senegalensis under climate change stressors (this study). 5 HQ calculations for pelagic fish were based
on Hg variations in muscle of A. regius under climate change stressors [25]. 6 Values transformed to wet weight
according to the moisture content.

Demersal species that present lower HQ estimations based on Hg levels found in literature were
mullet and herring (0.07 and 0.09, respectively), followed by sole (0.31), flounder (0.37), Atlantic cod
(0.41), and halibut (0.66). Despite some pelagic species presenting low HQ levels (seabass and Atlantic
mackerel), the majority presented HQ levels above one, particularly black scabbard fish, tunas, and
tope shark (Table 3).

Even though HQ estimations were higher under the predicted climate change scenarios, especially
in a warming context (i.e., under +4 ◦C), HQ levels remained below one for demersal species (Table 3).
When acidification data were used (regardless of temperature), HQ estimations remained similar to
those obtained under the control pH level (i.e., around 8.0 pH units).

3.3. Animal Condition and Tissue Neuroxidative Responses

S. senegalensis morphometric data (i.e., weight, W, and total length, TL) and Fulton’s condition
index K) in each treatment at the end of the exposure period (i.e., day 28) are presented in Table 4.

After 28 days, fish from the Non-CONT treatment exhibited significantly higher W (10.1 ± 1.3 g;
p < 0.05) and TL (9.8± 0.5; p < 0.05) compared to those exposed to Hg alone, whereas these morphometric
parameters were not significantly affected by climate change related stressors (in both Non-CONT and
CONT treatments; p > 0.05). Despite changes elicited by Hg exposure, animal condition (K) was not
significantly affected by any stressor (p > 0.05; Table 4). Correlations among morphometric variables,
animal condition (K), and Hg contents, NARs, and EFs in the different tissues are shown in Table 5.
While a positive correlation was observed between fish TL and W (r = 0.84, p < 0.001), K was only
significantly correlated with TL (r = −0.43, p < 0.001).
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Table 4. Total weight (W; g), total length (TL; cm), and Fulton’s condition index (K) of specimens from
all treatments at the end of Hg exposure phase.

Treatments W TL K

Non-CONT 10.1 ± 1.3 b 9.8 ± 0.5 b 1.08 ± 0.06
Non-CONT + A 7.3 ± 2.4 a,b 8.8 ± 1.1 a,b 1.07 ± 0.12
Non-CONT + W 8.7 ± 2.0 a,b 9.3 ± 0.6 a,b 1.07 ± 0.09

Non-CONT + A + W 8.9 ± 1.1 a,b 9.0 ± 0.6 a,b 1.25 ± 0.25
CONT 5.9 ± 1.3 a 8.3 ± 0.6 a 1.01 ± 0.10

CONT + A 7.7 ± 2.8 a,b 8.9 ± 0.8 a,b 1.07 ± 0.10
CONT + W 7.1 ± 0.52 a,b 8.7 ± 1.3 a,b 1.04 ± 0.19

CONT + A + W 7.5 ± 1.1 a,b 8.9 ± 0.4 a,b 1.07 ± 0.12

Abbreviations: Non-CONT—animals fed with non-contaminated diet, seawater temperature set at 19 ◦C, and pH
set at 8.0 units; Non-CONT + A—animals fed with non-contaminated diet, seawater temperature set at 19 ◦C, and
pH set at 7.6 units; Non-CONT + W—animals fed with non-contaminated diet, seawater temperature set at 23 ◦C,
and pH set at 8.0 units; Non-CONT + A + W—animals fed with non-contaminated diet, seawater temperature set at
23 ◦C, and pH at 7.6 units; CONT—animals fed with Hg-contaminated diet, seawater temperature set at 19 ◦C, and
pH set at 8.0 units; CONT + A—animals fed with Hg-contaminated diet, seawater temperature set at 19 ◦C, and pH
set at 7.6 units; CONT + W—animals fed with Hg-contaminated diet, seawater temperature set at 23 ◦C, and pH at
8.0 units; CONT + A + W—animals fed with Hg-contaminated diet, seawater temperature set at 23 ◦C, and pH at
7.6 units. Small letters indicate significant differences between treatments.

Table 5. Pearson’s correlation coefficients (r and associated p-value) among Hg NAR, EF, and
biochemical responses in the different tissues, as well as animal morphometry and condition (K).

Variables (X, Y) r and associated p-value

TL ×W r = 0.840 p < 0.001
K ×W n.s.
K × TL r = −0.432 p < 0.001

Muscle Liver Brain

NAR ×W n.s. n.s. ns
NAR × TL n.s. n.s. ns
NAR × K n.s. n.s. ns

NAR × CAT r = −0.4354 p = 0.033 n.s. r = −0.5073 p = 0.011
NAR × SOD n.s. n.s. r = −0.4411 p = 0.031
NAR × LPO n.s. n.s. r = −0.4354 p = 0.033
NAR × AchE - - - r = −0.4639 p = 0.022

EF ×W - - n.s. - -
EF × TL - - n.s. - -
EF × K - - n.s. - -

EF × CAT - - n.s. - -
EF × SOD - - n.s. - -
EF × LPO - - n.s. - -
K × CAT n.s. n.s. n.s.
K × SOD n.s. n.s. n.s.
K × LPO n.s. n.s. n.s.
K × AchE n.s. n.s. n.s.

Abbreviations: TW—total weight; TL—total length; K—Fulton’s condition index; NAR—net accumulation
rate; EF—elimination factor; CAT—catalase; SOD—superoxide dismutase; LPO—lipid peroxidation;
AchE—acetylcholinesterase; n.s.—non significant.

With regard to tissue neuro-oxidative responses, CAT and SOD activities varied according to fish
tissue and treatment (Figures 2 and 3). CAT activity values ranged between 21.8 nmol·min−1

·mg−1

protein (in the muscle of fish from CONT + W treatment) and 99.5 nmol·min−1
·mg−1 protein (in the

liver of fish from non-CONT + A treatment). Overall, CAT activity in fish muscle was not affected
by climate change-related stressors, while Hg contamination had a significant effect in all treatments,
with the exception of those simulating seawater acidification (i.e., p > 0.05 in treatments CONT + A vs.
non-CONT + A; Figure 2a). Yet, different trends were found in the liver, with acidification acting alone
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eliciting a significant inhibition of CAT activity in relation to all treatments, including its contaminated
counterpart treatment (i.e., CONT + A; p = 0.0002 Student’s t-test; Figure 2b). In opposition, fish brain
revealed significantly higher CAT activity in the CONT + A treatment (93.7 ± 7.8 nmol·min−1

·mg−1

protein; p < 0.05) compared to all treatments (Figure 2c). Moreover, in this tissue, both Hg and abiotic
stressors significantly increased CAT activity, although different trends were observed according to
stressor interactions. For instance, Hg exposure significantly enhanced CAT in treatments exposed
to 19 ◦C (i.e., under control (CTR) and A conditions; p < 0.05 Student’s t-test), whereas Hg exposure
significantly diminished CAT activity in treatments exposed to 24 ◦C and 8.0 pH units (i.e., in CONT + W
vs. non-CONT + W; p = 0.003 Student’s t-test; Figure 2c).
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Figure 2. Catalase (CAT) activity (nmol·min−1
·mg−1 protein, mean ± SD) in S. senegalensis muscle (a),

liver (b), and brain (c) after 28 days of Hg exposure. White bars represent non-contaminated treatments
(non-CONT) and gray bars represent Hg-contaminated treatments (CONT). Control (CTR)—seawater
temperature set at 19 ◦C and pH set at 8.0 units; A—seawater temperature set at 19 ◦C and pH set at 7.6
units; W—seawater temperature set at 23 ◦C and pH set at 8.0 units; A + W—seawater temperature set
at 23 ◦C and pH set at 7.6 units. Different small letters denote significant differences between non-CONT
treatments (ANOVA, p < 0.05). Different capital letters denote significant differences between CONT
treatments (ANOVA, p < 0.05). Asterisks (*) represent differences between non-CONT and CONT for
the same conditions (Student’s t-test: * p < 0.05; ** p < 0.005; *** p < 0.0005).

SOD activity (percentage inhibition) in S. senegalensis tissues is presented in Figure 3. Overall, the
liver presented higher percentages of SOD inhibition (between 89.0% and 91.1%) compared to muscle
(between 62.4% and 90.0%) and brain (between 70.5% and 78.5%), regardless of treatment. As for the
effect of the three studied stressors, different trends were observed in each fish tissue. Starting with
muscle, increased temperatures impaired SOD activity in non-contaminated fish (i.e., 90.0% ± 2.5% of
inhibition in non-CONT + W treatment; p < 0.05), but this trend was counteracted by Hg exposure,
especially when acidification also interacted (i.e., 62.4% ± 4.9% of inhibition in CONT + A + W
treatment; p < 0.05; Figure 3a). In the liver, Hg exposure was also associated with lower SOD inhibition,
although significant differences between non-contaminated and Hg-contaminated counterparts were
only observed in fish exposed to 19 ◦C and both pH levels (CTR conditions: p = 0.003 Student’s t-test;
A conditions: p < 0.0001 Student’s t-test; Figure 3b). Noteworthy, in the liver of non-contaminated fish,
significantly higher SOD inhibition was found under acidification alone (97.8% ± 0.5% of inhibition
in non-CONT + A treatment; p < 0.05) compared to all treatments, whereas significantly lower
inhibition was observed when acidification was combined with warming (89.0% ± 1.2% of inhibition in
non-CONT + A + W treatment; p < 0.01; Figure 3b). In fish brain, overall, SOD activity did not present
significant differences among treatments (percentage inhibition around 70% in most cases; p > 0.05),
with the exception of fish co-exposed to acidification and Hg which revealed significantly higher
inhibition than its non-contaminated counterpart (78.5% ± 3.0% of inhibition in Hg + A treatment;
p = 0.01 Student’s t-test; Figure 3c).
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Figure 3. Superoxide dismutase (SOD) activity (percentage inhibition, mean ± SD) in S. senegalensis
muscle (a), liver (b), and brain (c) after 28 days of Hg exposure. White bars represent non-contaminated
treatments (non-CONT) and gray bars represent Hg-contaminated treatments (CONT). CTR—seawater
temperature set at 19 ◦C and pH set at 8.0 units; A—seawater temperature set at 19 ◦C and pH set at
7.6 units; W—seawater temperature set at 23 ◦C and pH set at 8.0 units; A + W—seawater temperature
set at 23 ◦C and pH set at 7.6 units. Different small letters denote significant differences between
non-CONT treatments (ANOVA, p < 0.05). Different capital letters denote significant differences
between CONT treatments (ANOVA, p < 0.05). Asterisks (*) represent differences between non-CONT
and CONT for the same conditions (Student’s t-test: * p < 0.05; ** p < 0.005; *** p < 0.0005).

Somewhat in line with SOD inhibition, lipid peroxidation (based on malonaldehyde (MDA)
levels) showed, in general, higher values in liver (from 0.091 to 0.144 nmol·mg−1 protein), followed
by brain (from 0.035 to 0.084 nmol·mg−1 protein) and muscle (from 0.025 to 0.031 nmol·mg−1 protein;
Figure 4). Hg exposure did not affect LPO in fish muscle, except in fish co-exposed to warming and
acidification, which revealed significantly lower values (i.e., 0.026 ± 0.006 nmol·mg−1 protein in CONT
+ A + W treatment) compared to their non-contaminated counterparts (i.e., 0.040 ± 0.012 nmol·mg−1

protein in A + W treatment; p = 0.02 Student’s t-test; Figure 4a). Similarly, in the liver, no significant
differences were observed between non-contaminated and Hg-contaminated fish (p > 0.05), but rather
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between those exposed to control or altered abiotic conditions (i.e., significantly higher LPO in CONT
+ A + W treatment compared to CONT + W treatment; p = 0.0035; Figure 4b). As for the brain,
while Hg contamination significantly increased LPO under control temperature and pH levels (i.e.,
control treatment presented significantly lower LPO than CONT treatment; p = 0.047 Student’s t-test),
the opposite trend was observed in fish exposed to warming (i.e., CONT + W presented an MDA
concentration significantly higher than non-CONT + W treatment: p = 0.017 Student’s t-test; Figure 4c).
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Figure 4. Lipid peroxidation in malonaldehyde (MDA) concentration (nmol·mg−1 protein, mean ± SD)
in S. senegalensis muscle (a), liver (b), and brain (c) after 28 days of Hg exposure. White bars represent
non-contaminated treatments (non-CONT) and gray bars represent Hg-contaminated treatments
(CONT). CTR—seawater temperature set at 19 ◦C and pH set at 8.0 units; A—seawater temperature
set at 19 ◦C and pH set at 7.6 units; W—seawater temperature set at 23 ◦C and pH set at 8.0 units;
A + W—seawater temperature set at 23 ◦C and pH set at 7.6 units. Different small letters denote
significant differences between non-CONT treatments (ANOVA, p < 0.05). Different capital letters
denote significant differences between CONT treatments (ANOVA, p < 0.05). Asterisks (*) represent
differences between non-CONT and CONT for the same conditions (Student’s t-test: * p < 0.05).

Brain AchE activity in non-CONT and CONT fish is shown in Figure 5.



Appl. Sci. 2020, 10, 1993 16 of 25

Appl. Sci. 2020, 10, x FOR PEER REVIEW 16 of 25 

differences between non-CONT treatments (ANOVA, p < 0.05). Different capital letters denote 
significant differences between CONT treatments (ANOVA, p < 0.05). Asterisks (*) represent 
differences between non-CONT and CONT for the same conditions (Student’s t-test: * p < 0.05). 

Brain AchE activity in non-CONT and CONT fish is shown in Figure 5. 

 
Figure 5. Acetylcholinesterase (AchE) activity (nmol∙min−1∙mg−1 protein, mean ± SD) in S. senegalensis 
brain, after 28 days of Hg exposure. White bars represent non-contaminated treatments (non-CONT) 
and gray bars represent Hg-contaminated treatments (CONT). CTR—seawater temperature set at 19 
°C and pH set at 8.0 units; A—seawater temperature set at 19 °C and pH set at 7.6 units; W—seawater 
temperature set at 23 °C and pH set at 8.0 units; A + W—seawater temperature set at 23 °C and pH 
set at 7.6 units. Different small letters denote significant differences between non-CONT treatments 
(ANOVA, p < 0.05). Different capital letters denote significant differences between CONT treatments 
(ANOVA, p < 0.05). Asterisks (*) represent differences between non-CONT and CONT for the same 
conditions (Student’s t-test: * p < 0.05). 

In non-contaminated treatments (i.e., non-CONT), AchE activity ranged between 2.60 and 2.84 
nmol∙min−1∙mg−1 protein, not evidencing significant differences among climate change scenarios (p > 
0.05; Figure 5). In contrast, different trends were observed when Hg exposure was added to the 
equation, i.e., AchE activity was significantly increased by Hg exposure in treatments exposed to 19 
°C (3.63 ± 1.0 and 3.16 ± 0.19 nmol∙min−1∙mg−1 protein in CONT under control conditions and CONT 
+ A treatments, respectively) in relation to their non-contaminated counterparts (Figure 5). In 
opposition, no significant differences were observed between non-contaminated and contaminated 
fish exposed to 24 °C (i.e., between CONT + W and CONT + A + W; p > 0.05; Figure 5). Moreover, 
significantly lower AchE activity was obtained in fish from CONT + W treatment (2.37 ± 0.41 
nmol∙min−1∙mg−1 protein) compared to CONT under control conditions, CONT + A, and CONT + A + 
W treatments (Figure 5). 

Regarding correlations between variables, CAT activity and Hg NAR were negatively correlated 
in fish muscle (r = −0.4354; p = 0.033), while no significant correlations were found in the liver (Table 
5). In opposition, Hg NAR in fish brain was negatively correlated with CAT activity (r = −0.5073; p = 
0.011), SOD activity inhibition (r = −0.4411; p = 0.031), LPO (r = −0.4354; p = 0.033), and AchE activity 
(r = −0.4639; p = 0.022; Table 5). 

4. Discussion 

4.1. Mercury Bioaccumulation and Elimination in Tissues with Climate Change 

The present study revealed that warming, acidification, and the co-occurrence of both climate 
change-related stressors influence Hg bioaccumulation and elimination in juvenile Solea senegalensis 
in different ways, depending on tissue affinity to this element. The primary tissue for Hg uptake was 
the liver, which is consistent with the fact that this organ, in addition to it central role in basic 

0.0

0.5

1.0

1.5

2.0

2.5

3.0

3.5

4.0

4.5

5.0

CTR A W A+W

A
ch

E 
ac

tiv
ity

 in
 b

ra
in

(n
m

ol
 m

in
-1

m
g-1

pr
ot

ei
n)

non-CONT

CONT

B

AB

A

B

*

*

Figure 5. Acetylcholinesterase (AchE) activity (nmol·min−1
·mg−1 protein, mean ± SD) in S. senegalensis

brain, after 28 days of Hg exposure. White bars represent non-contaminated treatments (non-CONT)
and gray bars represent Hg-contaminated treatments (CONT). CTR—seawater temperature set at 19 ◦C
and pH set at 8.0 units; A—seawater temperature set at 19 ◦C and pH set at 7.6 units; W—seawater
temperature set at 23 ◦C and pH set at 8.0 units; A + W—seawater temperature set at 23 ◦C and pH
set at 7.6 units. Different small letters denote significant differences between non-CONT treatments
(ANOVA, p < 0.05). Different capital letters denote significant differences between CONT treatments
(ANOVA, p < 0.05). Asterisks (*) represent differences between non-CONT and CONT for the same
conditions (Student’s t-test: * p < 0.05).

In non-contaminated treatments (i.e., non-CONT), AchE activity ranged between 2.60 and
2.84 nmol·min−1

·mg−1 protein, not evidencing significant differences among climate change scenarios
(p > 0.05; Figure 5). In contrast, different trends were observed when Hg exposure was added to the
equation, i.e., AchE activity was significantly increased by Hg exposure in treatments exposed to 19 ◦C
(3.63 ± 1.0 and 3.16 ± 0.19 nmol·min−1

·mg−1 protein in CONT under control conditions and CONT + A
treatments, respectively) in relation to their non-contaminated counterparts (Figure 5). In opposition,
no significant differences were observed between non-contaminated and contaminated fish exposed to
24 ◦C (i.e., between CONT + W and CONT + A + W; p > 0.05; Figure 5). Moreover, significantly lower
AchE activity was obtained in fish from CONT + W treatment (2.37 ± 0.41 nmol·min−1

·mg−1 protein)
compared to CONT under control conditions, CONT + A, and CONT + A + W treatments (Figure 5).

Regarding correlations between variables, CAT activity and Hg NAR were negatively correlated
in fish muscle (r = −0.4354; p = 0.033), while no significant correlations were found in the liver
(Table 5). In opposition, Hg NAR in fish brain was negatively correlated with CAT activity (r = −0.5073;
p = 0.011), SOD activity inhibition (r = −0.4411; p = 0.031), LPO (r = −0.4354; p = 0.033), and AchE
activity (r = −0.4639; p = 0.022; Table 5).

4. Discussion

4.1. Mercury Bioaccumulation and Elimination in Tissues with Climate Change

The present study revealed that warming, acidification, and the co-occurrence of both climate
change-related stressors influence Hg bioaccumulation and elimination in juvenile Solea senegalensis in
different ways, depending on tissue affinity to this element. The primary tissue for Hg uptake was the
liver, which is consistent with the fact that this organ, in addition to it central role in basic physiology,
is responsible for the storage, metabolization, and redistribution of xenobiotics via blood circulation to
other tissues [64].

Other studies reported higher Hg accumulation in the brain than in other tissues, namely, in zebra
fish [23,65], Atlantic cod [66], and seabass [43] tissues. Such discrepancies may be due to species-specific
factors related to Hg uptake [67], as well as to the slower metabolism and nutrient assimilation of
S. senegalensis (a benthic species) compared to pelagic fish species [68].
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In the present study, the consistent increase of THg in fish tissues under warmer temperatures
(which translated into increased NARs and decreased EFs) is in accordance with previous studies
in which juvenile seabass (Dicentrachus labrax; muscle, liver, and brain) [43], meagre (Argyrosomus
regius; muscle, liver, and brain) [25], and even juvenile sole (Solea senaglensis; brain) [26] were used as
biological models. The higher Hg bioaccumulation is due to the fact that fish experience a positive
shift in metabolism and changes in the metabolic scope when subjected to increased temperatures, i.e.,
an enhancement [69], consequently translating into a higher intake of prey/feed [70] in order to meet
the needs of enhanced animal metabolic rates, which was not followed by alterations in morphometric
data or Fulton’s condition index. In line with this idea, significantly higher net accumulation rates were
observed in the three tissues when fish were exposed to warmer temperatures, suggesting increased
health risks for both marine species and seafood consumers in a global warming context.

On the other hand, acidification alone acted as an antagonistic factor and hampered THg
bioaccumulation (and, thus, facilitated its elimination) in the three studied tissues. This result was
consistent with recent studies [26,71]. Nonetheless, literature suggests that a decrease in seawater
pH facilitates Hg accumulation, due to Hg+ competition with H+, limiting its sequestration and
leaving more Hg for uptake [7]. However, increased Hg bioaccumulation under acidification was
not observed in the present study, which may be related to the degree of acidification simulated (i.e.,
∆pH = −0.4 units) and with potential changes elicited by fish at the physiological and biochemical
levels, such as the following: (i) lower pH reduces the oxygen-binding capacity of respiratory proteins,
thus restricting animal aerobic capacity [72], which can lead to metabolic suppression and, thus, lower
uptake and metabolization of xenobiotics [72,73]; (ii) acidification can provoke disturbances of the
acid–base and osmotic balance in fish tissues [74], affecting also the availability and accumulation rates
of ionic contaminants, like metals [75]. Indeed, warming and acidification can dictate contaminants’
accumulation patterns, particular those that can alternate between ionic forms, such as Hg, resulting in
either additive or antagonistic interactive effects [76]. Out of the two studied climate change-related
stressors, acidification seemed to have played a prevalent role in impairing Hg accumulation, a trend
also reported in previous studies (e.g., Reference [25]).

Results obtained during the elimination phase also showed that a seven-day clearance period was
not enough to eliminate Hg from fish tissues, especially in muscle and brain, regardless of seawater
abiotic conditions. This result is consistent with the persisting behavior and long tissue half-life of this
compound, as it strongly binds to proteins in tissue membranes [77]. In liver, on the other hand, a
decrease in Hg levels was observed likely due to the fact that the liver is the primary organ of MeHg
detoxification and elimination [64,65], through Hg demethylation [64,78].

4.2. Linking Hg Contamination, Climate Change Stressors, and Potential Impacts on Seafood Safety

When assessing the risk to human health through seafood consumption and having in mind the
levels of THg and the prevalence of Hg in this food item, it is imperative to restrict Hg dietary intake
below certain levels. For this purpose, the European Food Safety Authority established an Hg tolerable
weekly intake of 4 µg·kg−1 bw [4].

According to the present data, under the predicted climate change stressors, higher HQs (often
above one) are expected in large pelagic fish with warming, augmenting the risk of harmful effects
to human health [53], especially through the consumption of pelagic predatory species occupying
high trophic levels and migrating species, like black scabbard fish, tuna, and tope shark. According
to the Intergovernmental Panel on Climate Change (IPCC) [29], the bioaccumulation of Hg and
other persistent organic pollutants is expected to increase with climate change [37]. Indeed, some
authors estimated through data modeling that marine organisms from the top of the food web
will accumulate higher MeHg levels in the future [31,32], mostly due to increased Hg methylation
rates by microorganisms, which will subsequently facilitate the availability of MeHg in the marine
environment [10].
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If the climate continues to change as projected, seafood safety will be likely compromised [29]
and, thus, European consumers may have the reinforced interest in favoring the consumption of
species occupying lower trophic levels instead of pelagic predatory ones, given the generally lower
levels found in the literature for this group. Coastal indigenous communities with high seafood
consumption frequencies, especially of large top predatory fish, will be particularly vulnerable to Hg
dietary exposure and to the health hazards that result [29,37] from the exposure to this neurotoxic,
carcinogenic, and teratogenic contaminant [15,16,29]. Special attention should be paid to specific
population groups like the elderly, pregnant women, and children, in which health hazards may be
particularly deleterious.

4.3. Interactive Effects of Hg and Climate Change-Related Stressors on Animal Condition and Neuro-Oxidative
Responses

In addition to the aforementioned consequences to seafood safety, both chemical contamination
and climate effects can have profound ecological impacts in marine ecosystems, substantially affecting
marine species’ physiological and cellular functioning [24,26,79–81]. Yet, little is still known regarding
the potential interactions between environmental stressors, which can translate either to an enhancement
of negative effects or to their attenuation [81]. In this way, the present study provides relevant and novel
insights into the neuro-oxidative implications of Hg exposure in benthic fish species in tomorrow’s ocean.

Among the studies assessing the effects of climate change stressors on marine biota, survival is
one of the most used response variables [72]. Despite the physiological impairments induced by the
studied stressors, fish were able to cope with and overcome stress as it did not result in mortality during
the timeframe of the trial. It can also be argued that exposure to the tested multistressor levels, despite
being chronic, was within the sublethal effect range. Another ecotoxicological endpoint frequently
used in studies focused on climate change effects is growth and, thus, animal condition, which reflects
the relationship between animal length and weight (e.g., References [70,79–82]). The prevalence of
this endpoint in these studies is mostly because abiotic variables, like seawater temperature, pH,
dissolved oxygen, and salinity, affect the marine biota’s metabolism and the way energy acquired
through feed ingestion is channeled toward different biological functions. Nevertheless, various factors
can concomitantly influence species’ metabolic response to abiotic stressors, namely, feed availability,
severity, and/or chronicity of the stressor, species’ thresholds of physiological tolerance to shifts in
abiotic conditions, and co-exposure to other environmental stressors, like pollutants [70,81,83].

In general, increased seawater temperatures are associated with enhanced metabolism, which can
likely translate into either increased animal growth efficiency when sufficient amounts of feed/prey are
available to meet animals’ energetic demands or depressed growth (associated with lower K condition
index values) when there is limited feed/prey availability [41,70]. Acidification is also associated with
depressed growth and poor animal fitness, and this is due to the high energetic resources that are
required to maintain homeostatic balance and ionic exchanges under lower pH levels and, thus, that
are no longer available to be used in other biological functions, like growth [81]. In the present study,
despite S. senegalensis exposed to climate change-related stressors and/or Hg exhibiting lower TL
and W (only significant for CONT treatment), no significant variations in animal condition (K) were
observed, which can be due to the facts that (i) benthic species, particularly pleuronectiforms usually
have lower metabolism, compared to pelagic fish species [68], (ii) the amount of feed provided was
enough to maintain the energetic requirements, even in warmer temperatures, and (iii) ∆temperature
= +4 ◦C and ∆pH = −0.4 pH units still fell within the limits of physiological tolerance of S. senegalensis.
Noteworthy, the increased Hg NAR and decreased Hg elimination under warming did not affect
animals’ condition, thus indicating that fish were still able to physiologically cope with the exposure to
Hg (at the concentrations selected in this study, which were environmentally representative), even
when abiotic stressors were combined and despite the biochemical changes elicited by stressors (acting
alone or interacting with each other).
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Matching the trends reported in previous ecotoxicological studies (e.g., References [24,26,79,80,83]),
the three studied stressors elicited differential neuro-oxidative responses in fish muscle, liver, and
brain. Such differences can be mostly attributed to the fact that (i) each fish tissue is functionally
and structurally different, thus having distinct baseline biomarker/enzyme levels and responding
differently to environmental stressors, including their interactions [80], (ii) different Hg concentrations
were reached in each tissue (i.e., liver > brain > muscle), and (iii) chemical contaminants, like the
neurotoxic Hg, can have specific modes of action and target organs [64]. Hence, despite the significantly
higher Hg concentrations found in the liver, the present findings show that neuro-oxidative responses
triggered by Hg were more notorious in the brain (i.e., significant differences were found between
non-contaminated and Hg contaminated fish in LPO, CAT, SOD, and AchE activities, and negative
correlations between these variables and Hg NAR occurred in this tissue, a result that is consistent
with the mode of action (neurotoxic) of this contaminant (e.g., Reference [84]).

Another aspect worth mentioning is the fact that, in the present study, both up- and
downregulations of the selected ecotoxicological biomarkers were observed, depending on the
tissue and stressor interaction, a trend that is also in agreement with previous findings (e.g.,
References [24,25,80,83,85]). Such differential tissue biomarker responses to environmental stressors
are a result of either (i) the activation of cells’ defense mechanisms in order to overcome the stress
(in case of biomarker upregulation) or (ii) the depletion of cellular defense mechanisms due to severe
and/or long-lasting stress conditions that exceed species’ thresholds of physiological tolerance (in case
of biomarker downregulation) [24,83]. Hence, it was interesting to note in the present study, for
instance, that acidification alone enhanced CAT activity in fish muscle, but this effect was counteracted
by the co-exposure to Hg, probably due to an excessive formation of substrate (H2O2) that impaired
the activity of this enzyme. The same argument may also be applied to the increased CAT activity
in the brain of fish exposed to Hg and acidification, which was attenuated when warming was also
added to the equation. In contrast, SOD activity in fish muscle and liver was significantly inhibited by
warmer temperatures and/or acidification, but this trend was somewhat reversed by the co-exposure
to Hg, probably because this contaminant has a pro-oxidative effect [22], thereby triggering the activity
of this primary antioxidant scavenger. Despite changes in CAT and SOD activities elicited by Hg
exposure, LPO levels were not significantly affected by this contaminant in muscle and liver, but rather
by warming and acidification. This suggests that abiotic stressors played a preponderant negative role
in these tissues, resulting in tissue damage that CAT and SOD by themselves were unable to prevent.
In contrast, effects of Hg exposure seemed to have prevailed in the brain, translating into increased
tissue LPO, once again reinforcing the neurotoxicological attributes of this contaminant [11,16]. Such
an increase was partially counteracted by the co-exposure to abiotic stressors, probably due to an
enhancement of fish metabolic rates (especially at warmer temperatures) and, thus, of enzymatic
activity [80].

As for AchE activity, this enzyme is extensively used as a biomarker of xenobiotic exposure,
particularly those that are neurotoxic (such as metals [22] and organophosphate pesticides), and changes
in its activity can lead to alterations in behavior and neuromuscular activity [42]. AchE is a common
target for many chemical compounds and, thus, the exposure to xenobiotics is frequently associated
with AchE activity inhibition [86,87]. Nevertheless, an activation of this enzyme may also occur,
although less commonly, as a result of (i) brain cell apoptosis (e.g., References [80,88,89]), (ii) enhanced
synthesis of AchE splicing variants (e.g., AChE-R) due to stress [90], or (iii) xenobiotics’ modulation
of the fish cholinergic system [89,91,92]. Such was the case for S. senegalensis exposed to Hg alone or
combined with warming and acidification, which exhibited significantly higher AchE activity than
non-contaminated fish reared under control temperature and pH conditions.

Finally, it is worth mentioning that, despite the neuro-oxidative responses elicited by the three
studied stressors, no correlation was found between these variables and the overall animal condition
(i.e., K), once more pointing out that Hg concentration, ∆temperature, and ∆pH selected in the present
study were within the thresholds of physiological tolerance of S. senegalensis.
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5. Conclusions

This study encompassed dietary Hg bioaccumulation patterns in S. senegalensis tissues and the
elicited neuro-oxidative responses when the co-exposure to climate change-related stressors, like
warming and acidification, takes place concomitantly. The present findings should be interpreted
with caution, as they are limited to several experimental factors (e.g., fish species, exposure duration,
degree of simulated climate change-related stressors, and Hg contamination). Taking this into account,
the results confirmed that warming increased Hg accumulation, whereas acidification seemed to
hamper it. The differential Hg bioaccumulation patterns observed in each fish tissue and treatment
translated into distinct neuro-oxidative responses, through either enhancement (e.g., CAT activity
in brain with acidification) or inhibition (e.g., AchE activity in brain with warming) of biomarker
response. The estimations performed in the present study pointed out the increased probability of
exceeding Hg TWI and higher HQ associated with the consumption of wild marine fish, particularly
of top predatory species, if the ocean continues to warm as forecast. Finally, future legislation and
recommendations regarding Hg dietary exposure should account for the expected effects of climate
change-related stressors, while advising a conscious and parsimonious consumption of wild seafood
species, particularly those that are likely to accumulate high levels of Hg and/or inhabit areas expected
to be particularly affected by climate change, especially warming.

Supplementary Materials: The following are available online at http://www.mdpi.com/2076-3417/10/6/1993/s1:
Table S1: Total mercury (THg) concentrations (mg·kg−1 wet weight) in Solea senegalensis tissues from
non-contaminated treatment (non-CONT) through the experiment timeline (up to day 28: exposure; day
35: clearance).
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